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Many xenobiotics that are released into the environment pose a hazard to the organisms 
that are exposed to them, thus necessitating studies on the bioavailability and toxicity of 
xenobiotics. Bioavailability depends on the characteristics of the chemical, the organism 
and the environment. The toxicity of any xenobiotic is related to the bioaccumulated 
chemical residue in the organism. The evaluation of the xenobiotic-derived hazard has 
traditionally been related to the chemical concentration in the ambient media. However, 
body residue of the organism has been proposed as a better dose-metric, since it provides a 
more relevant measure for chemical exposure. The critical body residue (CBR) approach 
hypothesizes that the body residues within a defined mode-of-action category are relatively 
constant for different chemicals, organisms and exposure conditions. The body residue 
approach therefore has many advantages, which include the use of internal chemical 
concentrations in the risk assessment.  
The aim of this study was to investigate the bioavailability and toxicity of different 
model compounds (bentazone, ioxynil, pendimethalin, 4-nonylphenol (4-NP), C12-linear 
alkylbenzene sulfonate (C12-LAS), pentachlorophenol (PCP) and pyrene) for two 
invertebrates (Lumbriculus variegatus, Oligochaeta and Chironomus riparius, Insecta) and 
one vertebrate (Salmo salar, Osteichtyes). Acute and sublethal toxicity tests were set up to 
determine the chemical body residues associated with adverse effects, to measure critical 
body residues and to test the hypotheses of the CBR approach. The biotransformation of 
PCP and pyrene was also studied in order to consider the implications of chemical 
transformation on toxic body residue.     
The bioavailability of the chemicals was shown to depend on the characteristics of the 
chemical and the sediment. The sediment organic carbon (OC) content was found to 
modify the chemical bioavailability. The results for bentazone and PCP showed that the 
toxicity values based on the organisms’ body residue were relatively constant, while the 
toxicity estimates based on the exposure media were not constant. Hence the results were 
in accordance with the hypotheses of the CBR approach. On the other hand, the toxicity 
studies showed that for ioxynil, 4-NP and C12-LAS, body residues are affected by 
characteristics associated with organism or exposure conditions. The biotransformation 
studies showed that L. variegatus is able to metabolize PCP and pyrene moderately well. 
Due to the metabolites and the unextractable chemical pool in L. variegatus, 
biotransformation of the xenobiotics complicated the toxicity analysis. The results 
indicated that body residue is a more precise metric for exposure than concentration in the 
ambient medium when chemical toxicity is evaluated. The critical body residue approach 
could therefore be useful in the risk assessment of environmental pollutants. 
 
Kimmo A. Mäenpää, Faculty of Biosciences, University of Joensuu, P.O.Box 111, FI-80101 Joensuu, Finland 
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1. Introduction 
 
Many hydrophobic pollutants that are 
present in aquatic environments are 
eventually stored in sediments. 
Consequently, all benthic organisms are 
potentially exposed to them. Any 
exposure to sediment-borne xenobiotics 
may cause adverse effects at lower 
trophic levels and/or lead to 
biomagnification and more serious 
adverse toxic effects at higher trophic 
levels (Landrum and Robbins 1990, Lee 
II 1992, Streit 1992, Newman 1998). 
Thus, the study of bioavailability and 
toxicity of the sediment-associated 
xenobiotics is important in understanding 
the possible hazards associated with 
contaminated sediments in aquatic 
systems. 
Several biological and physico-
chemical factors affect the bioavailability 
of contaminants. Considering the great 
variability of these factors in aquatic 
environments, the prediction of chemical 
bioavailability is challenging. For 
example, the organism’s behavioural 
characteristics (Spacie et al. 1995) and 
sediment organic carbon content 
(Landrum 1989) may modify the 
bioavailability and toxicity of 
xenobiotics. This makes the risk 
assessment of xenobiotics-contaminated 
sediments difficult when it is based only 
on measurements of chemical 
concentrations in sediments. However, 
limit values are commonly set for 
chemical concentrations in waters, soils 
or sediments.  
At the end of 2006, the Finnish 
Council of State enacted an Act 
concerning the restriction and prohibition 
of the discharge of hazardous and 
harmful chemicals into the aquatic 
environment (Suomen säädöskokoelma 
1022/2006). The act was a consequence 
of the tightening of EU legislation (Water 
Framework Directive 2000, Directive 
2006/11/EC) aimed at improving the 
quality of the aquatic environment. The 
quality norms were set for 33 chemicals, 
including polycyclic aromatic 
hydrocarbons, pentachlorophenol and 
nonylphenol, which were specified as 
slowly degrading, having a potential to 
bioaccumulate in organisms and being 
toxic. The environmental quality 
standards were set for the chemicals as 
the maximum acceptable concentrations 
in the surface water.  
Concentrations in sediments and 
organisms were excluded from the EU 
directive, and the quality norms were set 
only for concentration of the chemical in 
water. The importance of studying 
sediments and organisms was recognized 
as a means to obtain a more reliable 
general view of the hydrophobic 
chemicals. The lack of existing data was 
one reason that the quality norms were 
not applied to sediments and organisms 
as well, and thus a need was noted to 
develop analytical techniques and toxicity 
testing in this field. 
In 1989-1993 and 1999-2000 the 
Finnish environmental administration 
surveyed contaminated sites throughout 
Finland in order to develop limit values 
for the chemicals with a view to the 
categorization and restoration of 
contaminated sites (SAMASE project) 
(Puolanne et al. 1994, Petejä-Ronkainen 
and Suokas 2000). On the basis of this 
work, new limit values were set 
according to present knowledge in an Act 
passed in 2007 (Suomen säädöskokoelma 
214/2007). The limit values are based on 
soil concentrations of chemicals, and 
hence the risk assessment excludes any 
measures of the chemical residues in 
organisms.  
The critical body residue (CBR) 
approach has been advocated as an 
improvement to the risk assessment of 
environmental pollutants (McCarty and 
Mackay 1993, Connell et al. 1999). In the 
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approach, the toxic effects are compared 
with the chemical body residue, which 
takes the bioavailability of the chemical 
into account explicitly.       
 
1.1. Critical body residue (CBR) 
 
Fundamentally, the toxicity of any 
chemical is a consequence of the 
chemical concentration at the target site 
receptors, and the measured body residue 
is an estimate for the target site 
concentration. The measurement of 
chemical concentration in the receptor is 
often not feasible, but body residue 
provides a practical approach for 
exposure assessment (Escher and 
Hermens 2004, Landrum and Meador 
2002). 
The use of organism body residue as a 
measure of chemical exposure was 
introduced and then developed into the 
critical body residue approach (CBR) by 
McCarty (1986, 1992) and McCarty and 
Mackay (1993). The CBR approach has 
aroused great interest, and several 
evaluations of the concept have been 
published since its introduction 
(Penttinen and Kukkonen 1998, Connell 
et al. 1999, Barron et al. 2002, Landrum 
and Meador 2002, Escher and Hermens 
2004).  
The CBR concept is defined as the 
molar body residue, which consistently 
causes the specific toxic effect, such as 
the death or a decrease in growth of an 
organism (McCarty and Mackay 1993). It 
should be independent of the ambient 
chemical concentration, environmental 
characteristics, and the body residue 
should also be constant for chemical or 
classes of chemicals that have the same 
mode of action. Further, it is argued that 
CBR is constant for different species. 
The mode of toxic action is defined as 
the set of measured alterations in 
organism physiology and/or behaviour 
that characterize the adverse biological 
response (Rand et al. 1995). The toxic 
body residue is dependent on the 
chemical mode of toxic action (McCarty 
and Mackay 1993). Hence the chemicals 
or chemical categories should be 
considered independently according to 
their mode of toxic action (Table 1.). 
The modes of toxic action are 
traditionally divided into two main 
categories: baseline toxicity (narcosis) 
and specific mode of toxic action (Rand 
et al. 1995). A total of 60-70% of 
environmental pollutants have been 
estimated to be narcotics, which 
constitute the minimal toxicity for any 
hydrophobic contaminant (Veith et al. 
1983, Escher and Schwarzenbach 2002). 
The main hypothesis is that narcotic 
substances act nonspecifically, 
incorporating reversibly into the lipid 
membranes and disturbing the normal 
cell functions by loss of selective 
permeability (Mullins 1954, van Wezel 
and Opperhuizen 1995a, van Wezel et al. 
1996). The narcotics may alter membrane 
protein functions, change membrane 
fluidity and disrupt the maintenance of 
the membrane potential, altering nerve 
function. An alternative hypothesis 
suggests that narcotics act by binding to 
ligand-gated ion channels (Simkiss 1996, 
Franks and Lieb 1994). The respiratory 
uncouplers have structural similarities 
with the narcotic substances, but the 
number and type of the electron-
withdrawing groups determine the mode 
of action (Barron et al. 2002). 
 8
  
 
It has been argued that, due to the 
toxicokinetics of the compounds, the 
toxicity of the chemicals may increase 
until an equilibrium is reached in 
concentrations between tissues and 
ambient medium (Vaal et al. 1997a,b). 
Chronic toxicity may thus be elicited by 
other modes of toxic action than acute 
toxicity. It has been suggested that 
virtually all of the chemicals act through 
narcosis, eliciting toxic effects at high 
body residues, with the more specific 
modes of toxic action appearing at lower 
body residues (Rand et al. 1995, Escher 
and Schwarzenbach 2002). 
According to the hypotheses of the 
CBR approach, the bioavailability and the 
accumulation kinetics of the chemical are 
taken into account, as well as the 
different uptake routes. The modes of 
toxic action of the different chemicals or 
chemical classes, and the effects of 
metabolism on accumulation are also 
considered (McCarty and Mackay 1993). 
The CBRs for the each mode-of-action 
class (e.g. narcotic chemicals) should 
therefore be constant across different 
chemicals, species and exposure 
conditions (Table 1.).  Hence, body 
residue is proposed as a more reliable 
estimate of the adverse toxic effects in 
aquatic biota than external 
concentrations. Finally, it should be 
easier to extrapolate the test results from 
laboratory to field in this approach. 
There are some uncertainties 
associated with the CBR approach, 
mainly attributable to its novelty and the 
lack of comprehensive testing of the 
Table 1. Critical body residues for lethal and sublethal endpoints in different 
mode-of-toxic-action or chemical categories.  
Mode of action/ 
Chemical category 
Lethal 
(mmol/kg ww) 
Sublethal 
(mmol/kg ww) 
1-12 0.01-6 Non-polar narcosis 
Polar narcosis 
 
0.2-5 0.1-1 
Respiratory uncoupler/ 
Excitatory agent 
0.1-0.3 0.00015-0.094 
Acetylcholinesterase 
inhibition 
0.0025-8 0.0001-0.5 
Reactives/Irritants 0.0094-13 - 
Central nervous system 
seizure agents 
4.8x10-5-0.017 0.0005-0.015 
TCDD 
 
0.0009-0.008 1x10-6-0.0001 
Ah-receptor agonists 
 
1.5x10-7-4x10-5 3x10-7-8x10-6
Data collected from: McCarty and Mackay 1993, Connell et al. 1999 and Barron et al. 2002. 
TCDD: 2,3,7,8-tetrachlorodibenzo-p-dioxin 
Ah-receptor: Aryl-hydrocarbon receptor 
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approach. Firstly, the body residues 
associated with each mode of action or 
chemical category are rather broad 
(Barron et al 2002). The approach has 
been developed on the basis of acute fish 
experiments with narcotic chemicals 
(McCarty and Mackay 1993) and there 
are not much data concerning CBRs of 
sublethal effects (Thompson and Stewart 
2003). The approach has not been 
evaluated throughout for a broad range of 
different chemicals, and the extrapolation 
of CBR over different species, exposure 
conditions and chemicals belonging to a 
certain chemical class has been little 
studied. 
Further, the mode of toxic action of 
the chemical is difficult to define and the 
distribution of the chemical in the 
organism’s tissues affects the 
manifestation of toxicity. It has been 
argued that the lipid content of the 
organisms affects critical body residues, 
weakening the hypothesis that CBRs are 
not species-specific (van Wezel et al. 
1995a, van Wezel et al. 1995b, Escher 
and Schwarzenbach 2002). The approach 
is, however, worthy of closer 
examination, which may help to explain 
the uncertainties and specify more 
accurately the CBRs behind different 
mode-of-action categories. 
The CBR approach may be helpful 
when combined with ecological risk 
assessment (ERA), which has generally 
used the chemical concentrations of the 
ambient environment and various safety 
factors to estimate e.g. predicted no-
effect concentrations (PNEC) (Suter II 
1995). The usual estimates using ambient 
concentrations include uncertainties 
associated with the spatial and temporal 
bioavailability of the chemical in the 
environment. The toxicity data based on 
body residues can be compared, even 
when varying chemical bioavailability is 
assumed (Escher and Hermens 2004). 
Exploitation of chemical body residue 
data in chemical risk assessment still 
awaits application in decision-making, 
although Di Toro et al. (2000) and Di 
Toro and McGrath (2000) have prepared 
a first proposal for the use of body 
residues in risk assessment. They have 
attempted to establish water and sediment 
quality criteria for non-polar narcotic 
chemicals, using critical body residues. 
 
2. Objectives and hypotheses 
 
 The first objective of this thesis was to 
study the bioavailability of the test 
compounds in the freshwater oligochaete 
worm Lumbriculus variegatus. The 
organisms were exposed to each 
compound in different sediments, and the 
hypothesis was that bioavailability is 
dependent on chemical characteristics 
and the characteristics of the sediment. In 
particular the organic carbon content of 
the sediment was followed as a 
bioavailability-modifying factor.  
 The second objective was to test the 
hypotheses of the critical body residue 
approach (McCarty and Mackay 1993). 
This was done by conducting acute (2 
days) and chronic (> 10 days) toxicity 
tests with Lumbriculus variegatus, 
Chironomus riparius and Salmo salar m. 
sebago and by measuring lethal sediment 
and water concentrations (LC50), lethal 
body residues (LBR50), effective 
sediment and water concentrations (EC50) 
and critical body residues (CBR50). It was 
hypothesized that the LC50 and EC50 
concentrations vary by species, 
compounds and exposure conditions, but 
the LBR50 and CBR50 values are more 
consistent across different variables, as 
described in the CBR approach.  
The third objective was to examine the 
biotransformation capability of L. 
variegatus, and to consider it as a 
modifying factor of toxicity, as well as 
the implications it may have on CBRs.  
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3. Materials and methods 
 
3.1. Test species 
 
The oligochaete worm, Lumbriculus 
variegatus Müller was used in sediment 
bioavailability experiments, and in both 
acute and chronic toxicity experiments (I, 
III and IV). L. variegatus meets most of 
the criteria for a suitable test species for 
ecotoxicological testing of the 
environmental pollutants (U.S.EPA 
2000). L. variegatus burrows into the 
sediment and feeds deposits, which  
makes it a particularly good organism for 
sediment bioavailability and toxicity 
studies. L. variegatus are easily cultured 
in the laboratory, which is necessary to 
ensure an adequate supply of the 
organisms for the experiments. It is 
tolerant to a wide range of different 
sediment characteristics and provides 
sufficient mass for the chemical analyses. 
Besides observing the lethal endpoint, it 
is possible to determine the chemical 
stress in L. variegatus by measuring 
different sublethal endpoints, such as 
growth, reproduction, faecal pellet 
production and heat dissipation (IV, 
Penttinen et al. 1996, Penttinen and 
Kukkonen 1998). L. variegatus also has 
ecological relevance as a test species, 
because it has a wide distribution 
geographically in freshwater 
environments (Brinkhurst and Jamieson 
1971) and it is an important vector in 
food webs. Thus it is not surprising that 
aquatic oligochaetes, including L. 
variegatus, have been adopted for use in 
ecological risk assessment (Chapman 
2001), and that it has been validated as a 
standard organism in ecotoxicological 
tests. The American Society of Testing 
and Materials (ASTM) have published a 
standard guide for the determination of 
chemical bioaccumulation in L. 
variegatus (ASTM 2006a). Similarly, the 
United States Environmental Protection 
Agency (U.S.EPA) has also published 
guidance on toxicity and bioaccumulation 
tests for this species (U.S.EPA 2000). 
Moreover, international ring tests have 
recently been performed in developing 
OECD guidelines for assessing the 
bioavailability and toxicity of sediment-
associated chemicals in L. variegatus 
(Egeler et al. 2005, 2006). Our laboratory 
participated in this effort.  
The larvae of Chironomus riparius 
Meigen, (Insecta) were used in both acute 
and chronic toxicity experiments (I and 
III). C. riparius is widespread in the 
northern hemisphere (Hirvenoja and 
Michailova 1991). Like L. variegatus, C. 
riparius is also easily cultivated in the 
laboratory and thus these organisms are 
commonly used species for sediment 
toxicity tests (Ingersol 1995). C. riparius 
is used as the standard species in 
measuring the toxicity of sediment-
associated contaminants (U.S.EPA 2000, 
ASTM 2006b). C. riparius has a 
complete life-cycle from egg to larva 
(with four instars), to pupal stage and 
finally to adult midge. Only the adult is 
terrestrial, and the other stages of the life-
cycle of C. riparius are associated with a 
water body or sediment. Similarly with L. 
variegatus, the larval stage inhabits the 
sediment and feeds on detritus, and is 
consequently exposed to sediment-
associated pollutants through the cuticula 
and via the alimentary canal.               
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 The eggs of Salmo salar m. sebago 
Girard, (Vertebrata) were used to study 
the sublethal effects of PCP by measuring 
heat dissipation (II). S. salar m. sebago is 
a landlocked salmon of Lake Saimaa and 
is currently endangered by hydropower 
stations and dams, which have destroyed 
the habitats and blocked access to the 
remaining breeding areas. Only a few 
other ecotoxicological studies have been 
conducted with the landlocked salmon of 
Lake Saimaa (Honkanen et al. 2001, 
Honkanen et al. 2004). However, related 
species, especially rainbow trout 
(Oncorhynchus mykiss), have been used 
extensively in aquatic toxicological 
testing (Cooney 1995).       
 
3.2. Exposure media 
 
The natural pristine sediments that were 
used in the research were collected from 
the freshwater lakes in the province of 
North Carelia, Finland. The different 
sediments were chosen to represent a 
range of characteristics. The sediments 
were typically characterized by their 
organic matter content and particle size 
distribution (Table 2.). Lake Mekrijärvi 
(EUREF-FIN lat:6965493, lon:701842) 
sediment was the most organic rich 
sediment used in the study, followed by 
the sediment collected from the open part 
of Lake Höytiäinen (EUREF-FIN 
lat:6963643, lon:638368) and sediment 
from Lake Kuorinka (EUREF-FIN 
lat:6944919, lon:623359). The sediment 
collected from Lake Höytiäinen at 
Varparanta was the most inorganic 
sediment. 
Table 2. Dry weight (DW%), 
organic carbon (OC%) content and 
small particle fraction (F<37μm%) of 
the test sediments. 
 The artificial sediment was 
prepared according to the OECD 
guideline proposal (2002) to conduct 
bioavailability and toxicity tests together 
with several other laboratories in the 
international ring test.   
Artificial fresh water (AFW) was used 
on top of the sediment column in the test 
beakers. The toxicity tests with salmon 
eggs and those with pyrene were 
conducted solely in AFW. The AFW was 
prepared according to standard of the 
Finnish Standards Association (1984). 
 
3.3. Chemicals 
 
Bentazone (IUPAC name: 3-isopropyl-
1H-2,1,3-benzothiadiazin-4(3H)-one 2,2-
dioxide) has sulphonamide group that 
makes it a strong acid. It is a widely used 
herbicide that is used in fields and 
orchards to control weeds (Tomlin 1994, 
Li et al. 2003, WHO 2004). The mode of 
action of bentazone is to inhibit 
photosynthesis. The World Health 
Organization (WHO) (WHO 2005) 
classifies bentazone as slightly 
hazardous, and the Food and Agriculture 
Organisation (FAO) has reported that 
bentazone is not considered hazardous to 
aquatic organisms under normal 
conditions of use (FAO 1991) (Figure 1., 
Table 3). 
 
 
 
Sediment DW OC F<37μma
Mekrijärvi 10 24 48 (17) 
Höytiäinen, 
open lake 
21 3.2 78 (4.1) 
Kuorinka 53 1.6 43 (2.6) 
Höytiäinen, 
Varparanta 
66 0.5 30 (0.9) 
Artificial 59 1.8 - 
aOC% of the fraction <37μm is shown in 
brackets. 
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Ioxynil (IUPAC name: 4-hydroxy-3,5-
diiodobenzonitrile) is a relatively strong 
acid  and it is also a widely used 
herbicide that inhibits photosynthesis and 
uncouples oxidative phosphorylation. It is 
used for post-emergence control of weeds 
(Tomlin 1994, Junghans et al. 2006). 
WHO has rated ioxynil as moderately 
hazardous (WHO 2005). 
Pendimethalin (IUPAC name: N-(1-
ethylpropyl)-2,6-dinitro-3,4-xylidine) is a 
highly hydrophobic herbicide that inhibits 
cell division and cell elongation and is 
used for the control of most annual 
grasses and broad-leaved weeds (Tomlin 
1994). Even in common use, the toxic 
effects of pendimethalin on, e.g. 
organisms in the aquatic environment are 
very poorly known, and further 
examination has been requested 
(Sandberg and Scott-Fordsmand 2004) 
(Figure 1., Table 3).  
 The environmentally widespread 4-
nonylphenol is a degradation product of 
alkylphenol polyethoxylates, which are 
commonly used in industry and in many 
consumer goods, in addition to which it is 
used directly, e.g. as a plasticizer (Müller 
and Schlatter 1998, Naylor et al. 1992). 
4-nonylphenol is an endocrine disruptor 
exerting oestrogenic effects by binding to 
Table 3. Characteristics of the model compounds. 
Chemical 
(Reference) 
MW 
(Da) 
Octanol-water 
partitioning 
coefficient 
(log Kow) 
Water 
solubility 
(mg/L) 
Vapour 
pressure 
(mPa) 
pKa
Bentazone 
(Tomlin 1994) 
240.3 0.77 (pH 5) 
-0.46 (pH 7) 
-0.55 (pH 9) 
570  
(pH 7, 
20°C) 
0.46  
(20°C) 
2.92-3.3 
(24 °C) 
Ioxynil 
(Tomlin 1994, Tomlin 
1997, Linders et al. 1994, 
Nicholls 1994, EC 2004) 
370.9 0.89-3.94 
2.2 (pH 5) 
0.23 (pH 8.7) 
50 (25 °C) 
539 (pH 5) 
5.53 (pH 9) 
<1 (20°C) 3.96 
4.1 
Pendimethalin 
(Tomlin 1994, Junghans et 
al. 2006) 
281.3 4.82, 5.18 0.3 
(20°C) 
4.0 
(25°C) 
- 
4-nonylphenol 
(Müller and Schlatter 1998, 
Canadian Environmental 
Quality Guidelines 2002)  
220.3 4.48 5.4 
(20.5°C) 
4.55 
(25°C) 
10.28 
LAS 
4-(2-dodecyl)- 
benzene sulfonate 
(Larson and Woltering 
1995) 
348.5 2.0-3.0 >1000 0.00001 - 
Pentachlorophenol 
(Nowosielski and Fein 
1998, Arcand et al. 1995, 
Crosby 1981) 
266.3 3.25 (pH 9.2) 
3.69 (pH 7.2) 
4.60 (pH 5.0) 
4.74 (pH 3.0) 
9.3-18.6 
(pH 4.8-6.3) 
(23°C) 
5.9  
(20°C) 
4.2-4.9 
(23 °C) 
Pyrene  
(ATSDR 1995) 
202.3 4.88 0.077 
(25°C) 
0.33 
(25°C) 
- 
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Figure 1. The chemical structures of the model compounds. 
Ioxynil
the oestrogenic receptors and acting as a 
low potency oestrogen receptor agonist.       
Linear alkylbenzene sulphonate (LAS) 
is a mixture of homologues that have 
alkyl chain lengths from C10 to C14, the 
average for commercial products being 
C12 (Belanger et al. 2002, Larson and 
Woltering 1995) as the alkyl chain length 
for the model compound, 4-(2-dodecyl)-
benzene sulphonate (C12-LAS), used in 
this research. The alkyl chain length and 
the positions of phenyl have a great 
influence on homologue physico-
chemical characteristics. C12-LAS 
constitutes the majority of the surfactants 
used in commercial laundry detergents 
worldwide. In spite of the efficient 
biodegradation of C12-LAS during 
wastewater management, the large 
volume of C12-LAS released into the 
environment and its narcotic mode of 
toxic action constitute the problem 
associated with this compound 
(Holmstrup and Krogh 1996) (Figure 1., 
Table 3). 
Pentachlorophenol (PCP) has in the 
past been used as a pesticide and for the 
protection of timber, but due to its 
toxicity, its use was reduced and banned 
in many countries in the 1990’s (Crosby 
1981, Muir and Eduljee 1999). However, 
because of the historical use of PCP and 
its strong adsorptive nature in soil and 
sediments, the problems associated with 
PCP have persisted in many areas. PCP is 
listed as a priority pollutant in the EU’s 
WFD and by the U.S. EPA. As a weak 
acid, the bioavailability and toxicity of 
PCP is strongly affected by the ambient 
pH (Saarikoski and Viluksela 1981, 
Mackay et al. 1998, Fisher et al. 1999, 
Czaplicka 2004). PCP uncouples 
oxidative phosphorylation, inhibiting 
adenosinetriphosphate (ATP) synthesis in 
the mitochondria (Terada 1990), and 
consequently affecting organism energy 
metabolism (Penttinen and Kukkonen 
2006) (Figure 1., Table 3). 
Pyrene belongs to the group of 
polyaromatic hydrocarbons (PAH), which 
are released into the environment by the 
incomplete combustion of organic 
material, both in natural processes (e.g. 
forest fires, volcanic activity) and through 
human activity (Rand et al. 1985). 
Human activity accounts for most of the 
PAH contamination, as PAH emissions 
occur as a result of the burning of fossil 
fuels and municipal waste, petroleum 
spills and industrial discharges. PAHs are 
also listed in the priority pollutants in the 
EU’s WFD. In a water body, pyrene 
associates with suspended particles and is 
sequestered in the sediments. Pyrene has 
a narcotic mode of toxic action (Di Toro 
et al. 2000) (Figure 1., Table 3). 
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3.4. Bioavailability experiments 
 
The bioavailabilities of the test 
compounds were measured by exposing 
L. variegatus to a trace amount of 
sediment-spiked compound. Thus, each 
of the tested chemicals was typically 
spiked into three or four different 
sediments in order to evaluate the effects 
of the sediment characteristics on 
chemical bioavailability. The static 
exposures lasted from 10 (I, III) to 28 
(IV) days, and the samples were taken 
during the whole exposure period in order 
to obtain the kinetic bioaccumulation 
values by measuring the whole body 
concentration of the worm sample. PCP 
bioaccumulation in salmon eggs was 
tested in a static water exposure system 
lasting three days (II).   
 
3.5. Toxicity experiments 
 
Acute and chronic toxicity experiments 
lasted from 2 to 28 days and consisted 
typically of at least 5 different exposure 
concentrations. The toxicity was 
evaluated by surveying both lethal and 
sublethal endpoints. In the acute tests, the 
lethal toxicity endpoint was used and the 
tests were conducted as water-only 
exposures (I, III). Both, C. riparius and L. 
variegatus were used in the acute 
experiments.  In the chronic experiments, 
lethal and sublethal endpoints were 
measured for L. variegatus and C. 
riparius (I, III, IV, V).  
The sublethal endpoints for L. 
variegatus consisted of 1) growth as a 
measure of the wet weight of the 
organisms, 2) reproduction as a measure 
of the number of the organisms 3) faecal 
pellet production, and 4) blood vessel 
pulsing rate. C. riparius growth was 
measured by measuring the wet weight 
and the head capsule size of the larvae. 
Salmo salar embryo heat production was 
measured when the eggs were exposed to 
PCP in the water-only exposure.  
The toxicity endpoints were 
proportioned to the chemical 
concentrations in the exposure media and 
in the organisms’ tissues, in order to 
evaluate the data and test the hypotheses 
by means of critical body residue.          
 
3.6. Biotransformation  
 
The biotransformation of the test 
chemical was studied for L. variegatus 
exposed to PCP (IV) and pyrene (V). The 
chemical residues in the whole body 
extracts of L. variegatus were analyzed 
by high-performance liquid 
chromatography (HPLC) in order to 
measure the amount of the parent 
chemicals and the metabolites. By using 
radio-labelled compounds, the tissue 
pellet was analyzed after extraction in 
order to evaluate extraction efficiency. 
The PCP-exposed worms were 
extracted first in acetone, then acidified 
with phosphorus acid (H3PO4) and 
extracted with hexane:acetone. The 
pyrene-exposed worms were extracted in 
acetone twice. The extracts were 
dissolved in acetonitrile:MilliQ-grade 
water for HPLC analysis.  
The extracts were analyzed using an 
Agilent Zorbax SB-C18 column (3.0 x 
100 mm, 3.5 μm) and ODS-C18 pre-
column (4.0 x 2.0 mm). A mobile phase 
for PCP samples consisted of 0.01 M 
phosphorus acid (A) and acetonitrile (B). 
The gradient programme was: 0-9 min: 
95% of A → 10% of A, 9-12 min 10% of 
A → 0 % of A, 12-17 min 100% of B. A 
diode array detector (DAD) was used to 
detect the compounds at 245 nm. Three 
fractions were collected with an 
automatic fraction collector: 0-10.2, 10.2-
10.5 and 10.5-17.0 min fractions 
containing a more water soluble than PCP 
fraction, a PCP fraction and a less water 
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soluble than PCP chemical fraction, 
respectively.  
A mobile phase for pyrene samples 
consisted of MilliQ grade water (A) and 
acetonitrile (B). The gradient programme 
was 0-3 min 50% of B, 3-4 min 50 → 
100% of B, 4-10 min 100% of B. A 
fluorometric detector (FLD) was used to 
detect the compounds at 260 nm. In 
addition to pyrene, the run also identified 
1-hydroxypyrene (1-HP) and 1-
hydroxypyrene glucuronide (1-HPG). 
 
3.7. Statistical analyses 
 
The bioaccumulation data were used for 
estimating the uptake clearance 
coefficient (ks), the elimination rate 
coefficient (ke) and the bioaccumulation 
factors (BAF). The toxicokinetic 
parameters were estimated by plotting the 
chemical tissue concentration against 
time and fitting the data to the one-
compartment, first order kinetic models 
(Landrum 1989).  
 ( )[ ] dtkssa keCkC e /1 −−=     
 ( )[ ] [ λλ −−= −− etktssa keeCkC e /0
 
Where Ca is the concentration of the 
compound in the organism, Cs0 is the 
initial contaminant concentration in 
sediment, ks is the uptake clearance of the 
compound from the sediment, kd is the 
elimination rate constant, λ is the rate 
constant for the chemical to become 
biologically unavailable, and t is time. 
The BAF values were obtained from 
the kinetic estimates (ks/ke), and from the 
ratio of the organism tissue concentration 
divided by the chemical concentration of 
the exposure media.  
The statistical differences in endpoints 
between the different exposure treatments 
were tested by one-way analysis of 
variance (ANOVA) following by the 
appropriate post-hoc test. The normality 
of the data (Kolmogorov-Smirnov test) 
and the homogeneity of the variances 
(Levene’s test) were checked, and if the 
assumptions of the parametric test were 
not fulfilled, the Kruskall-Wallis non-
parametric test was used.  
The lethal water and sediment 
concentrations (LC), and lethal body 
residues (LBR) were estimated by probit 
analysis (SPSS 11.0, SPSS corp., 
Chicago, IL, USA), or by fitting the data ]    
Figure 2. Example of the estimation of CBR50 values from the toxicity data for
PCP exposed L. variegatus (A) (IV) and Salmo salar m. sebago (B) (II).
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to the nonlinear regression model 
(sigmoidal dose-response) using the 
constraints 0 for the bottom plateau and 
100 for the top plateau (GraphPad Prism 
4.0, GraphPad Software, Inc., San Diego, 
CA, USA). The effective water and 
sediment concentrations (EC) and the 
critical body residues (CBR) were 
estimated by fitting the data to the 
sigmoidal dose-response (SigmaPlot 8.0, 
SPSS corp. Chicago, IL, USA, or 
GraphPad Prism 4.0). 
 
( ) ( )HillslopeECxy 50/1/minmaxmin +−+=
  
Figure 2. shows an example of CBR50 
estimation. The control group responds to 
the experimental conditions at the no-
level for sublethal toxicity can be 
considered to be in the zone where the 
exposure is high enough to create partial 
mortality (Figure 2A.), or when there is a 
clear change in the expression of 
sublethal toxicity (Figure 2B.). To obtain 
reliable estimates for lethal and sublethal 
toxicity, the maximum and minimum 
responses are required (Kerr and Meador 
1996).    
 
effect level of toxicity. The full-effect 
. Results and discussion 
.1. Bioavailability 
.1.1. Sediment characteristics 
he bioavailability of the test compounds 
eory predicts that the freely 
is
4
 
4
 
4
 
T
clearly varied in the different sediments. 
The compound bioavailability was 
modified by the amount of the sediment 
organic carbon content (OC%) (Figure 3, 
I, III), which has been supposed to play 
an especially important role in 
sequestering pollutants in the non-
bioavailable pool in the sediments (e.g. 
Landrum and Robbins 1990, Burton 
1992). The bioavailability of the tested 
chemicals was systematically lowered 
when the organic carbon content of the 
sediment increased. The average values 
of the BAFs of the model compounds had 
a significant linear relationship with the 
log OC% (Figure 3.). The individual 
chemicals did not, however, show 
significant relationships. The small 
particle fraction did not correlate 
significantly with the BAFs, even for the 
pooled data.  
 The EqP th
Figure 3. Bioaccumulation factors
(BAF) of the test compounds
plotted against the log transformed
sediment organic carbon content
(LogOC%). Coefficient of
determination (r2) and significance
of the slope (p) from zero are given
for linear regression for pooled data
and each compound separately. The
linear regression line is shown only
for pooled data. 
d solved, and hence bioavailable, 
contaminant in the sediment pore water 
determines the toxic effects (Lee II 1992, 
Ingersol 1995, Kane Driscoll and 
Landrum 1997). The physical and 
chemical factors that control the 
partitioning of the chemical between the 
bioavailable and the non-bioavailable 
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pools are various. The EqP approach is 
often applied by normalizing the 
chemical concentrations based on the 
lipid content of the organism and the 
organic carbon content of the sediment 
(Di Toro 1991, Lee II 1992, Kane 
Driscoll and Landrum 1997). The EqP 
approach is valid for non-ionic 
hydrophobic organic chemicals that are 
not metabolized, and should theoretically 
predict the body residue of the exposed 
organism.  
The normalized BSAF values are 
co
alculated for 
pe
 
LC
tox
nsidered independent of particular 
sediment or species, and the equilibrium 
partitioning models, such as BSAF, 
assume that hydrophobic organic 
chemicals (HOC) are in equilibrium 
between sediment, pore water, and the 
organism (Di Toro 1991).  
The BSAF values c
ndimethalin (I) clearly evened out the 
differences in bioavailability among the 
four different sediments, but generally for 
all the other test compounds (I, III), 
normalization to the organism lipid and 
sediment OC were not the explanatory 
variables for bioavailability. The BSAF 
values were generally higher than the 
theoretical value of 1-2 (Di Toro 1991), 
which indicates that other factors than 
passive diffusion through body wall were 
involved in the bioaccumulation process. 
According to EqP theory, the acute
50 estimate from water exposure 
should theoretically agree with the LC50 
estimates based on the distribution of the 
chemical between pore water and 
sediment organic carbon. Lethal sediment 
concentrations should thus be derivable 
from the acute LC50 values using the 
chemical partition coefficient between 
water and sediment organic carbon (Koc).  
The measured LC50 values from the 
icity tests normalized to sediment 
organic carbon content corresponded 
fairly well with the calculated values for 
ioxynil and 4-NP (Table 4.). For 
bentazone the measured values are 
somewhat higher than calculated, and for 
C12-LAS the measured values are clearly 
lower than the calculated values. The 
explanation for this may be that, in the 
steady state, the concentration of the 
parent chemical is achieved, but the total 
chemical fraction including the 
metabolites and the bound chemical 
fraction may increase beyond the 
duration of the usual bioaccumulation 
test. Moreover, organism behaviour, such 
as feeding habits, is not taken into 
account in the EqP approach (Landrum 
and Robbins 1990, Granberg and Selck 
2007). The sediment organic matter 
quality has also been proposed as a 
modifying factor for bioavailability 
(Kukkonen and Landrum 1994, 
Kukkonen et al. 2003).     
 
4.1.2. Chemical characteristics 
 
Based on the bioaccumulation factors 
(BAF) (I, III), the bioavailability of the 
tested chemicals from the sediment 
decreased in the order: pendimethalin < 
C12-LAS < bentazone < 4-NP < ioxynil. 
A weak relationship was found between 
the chemical log Kow value and the 
uptake clearance coefficients (log ks) 
(Figure 4.) as shown earlier for different 
PAHs (Landrum 1989). However, the 
chemicals used in this study belonged to 
different chemical classes, which may 
indicate that there is a general 
relationship between chemical uptake 
clearance rate and Kow values. For 
chemical water solubility, a trend was 
apparent that with increasing water 
solubility the bioavailability of the 
chemical decreased, even though the 
relationship was not statistically 
significant. 
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It has been reported that the log Kow 
value plotted against the BAF values of 
the model compounds has shown a 
pattern where a chemical with 
intermediate hydrophobicity has the 
highest potential to bioaccumulate 
(Landrum 1989). Chemical 
hydrophobicity has traditionally been 
described by the log Kow value, which has 
been used to predict chemical sorption to 
the sediment and bioavailability to 
organisms (Spacie et al. 1995). It is 
argued that the biological membranes act 
as a barrier to the hydrophilic chemicals, 
lowering the bioavailability (Gobas and 
Mackay 1987). High sorption affinity, 
e.g. to the sediment, lowers the 
bioavailability for compounds with a high 
log Kow value, but their elimination from 
the organism may be limited due to 
hydrophobicity (Gobas et al. 1986). 
 
4.1.3. Test organism behaviour  
 
The results implied that sediment 
characteristics affected the uptake route 
of PCP (IV). The comparison of chemical 
residue in sediments ingested and egested 
was based on analyses of the radiolabel in 
the defecated pellets and L. variegatus 
tissues. This approach gave 
circumstantial evidence that sediment 
characteristics affected the route of 
exposure between the two test sediments.  
Besides the exposure media and the 
properties of chemicals, the behaviour 
and other characteristics of an organism 
may affect bioavailability. The organisms 
that feed on sediment, such as L. 
variegatus, are exposed to the chemicals 
also through ingested sediment via the 
alimentary canal (Loonen et al. 1997, 
Leppänen and Kukkonen 1998, Conrad et 
al. 2002). Sediment ingestion is 
suggested as an important accumulation 
route for highly hydrophobic 
contaminants, while for the more water-
soluble contaminants sediment ingestion 
is less important.  
Uptake from ingested sediment 
appeared to be significant in the sediment 
(S2) with a poor nutritional value for L. 
Table 4. Calculated and measured sediment LC50 values normalized 
to sediment organic carbon (OC) content in C. riparius for 
bentazone, ioxynil, 4-NP and C12-LAS.   
Compound Koc LC50sed. OC
calc. 
LC50sed. OC 
meas. 
Sediment 
(OC%) 
880.9 3.2 Bentazone 263 68.12 
196.1 1.6 
Ioxynil 339 2.71 4.44 3.2 
293.2 3.2 
4-NP 93325 373.3 
139.3 1.6 
56.4 3.2 
C12-LAS 67165 738.8 
112.8 1.6 
LC50sed. OC = Lethal sediment concentration for 50% mortality (mmol/kg OC dw).  
LC50sed. OC calc. = acute LC50water (table 5.) * Koc  
LC50sed. OC meas. = LC50sediment (Table 5.) / (sediment OC%/100)  
OC% = Organic carbon content of the sediment. 
Koc = Chemical partition coefficient between water and sediment organic carbon 
(bentazone: Donigian and Carsel 1987, ioxynil: EC 2004, 4-NP: Düring et al. 
2002, C12-LAS: Traina et al. 1996). 
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Figure 4. The measured bioaccumulation factors (BAF) and kinetic uptake rate
coefficients (log ks) plotted against model compounds’ log Kow and water
solubility (mg/l). Coefficient of determination (r2) and significance of the slope
(p) from zero are given for linear regression slope of the pooled data. 
variegatus, while in the sediment (S1) 
with good nutritional value, the uptake of 
PCP equivalents from ingested sediment 
in the alimentary canal was not as 
important a route for bioaccumulation 
(IV). PCP probably accumulated through 
the outer cuticle of L. variegatus.  
 The high pH of sediment S1 may 
have altered the bioaccumulation route 
directly, since more PCP was presumably 
dissolved in the pore water, thus 
amplifying uptake through the outer 
cuticle. On the other hand, PCP uptake 
from ingested sediment may have 
increased simply due to the increased 
ingestion rate needed to compensate for 
the poor nutritional value of S2. 
 
4.2. Toxicity 
 
Lethal body residues (LBR50) for 
bentazone were similar, despite the 
different sediments in both test species, 
L. variegatus and C. riparius (I, Table 
5.). On the other hand, the LC50 estimates 
showed great variation among exposure 
conditions. Similar results were obtained 
from the sublethal toxicity tests: CBR50 
estimates were equal despite differences 
in the EC50 values between the different 
sediments (Table 6.). The results of the 
toxicity tests with bentazone are thus in 
accordance with the hypotheses of the 
CBR approach in that the lethal and 
sublethal critical body residues were 
constant despite differences in the 
exposure conditions or species (McCarty 
and Mackay 1993). 
  The results for PCP showed 
different effective concentrations (EC50) 
for L. variegatus and S. salar. On the 
other hand, the CBR estimates for 
sublethal effects were similar for the two 
species (II, IV, Table 6.). The CBRs in L. 
variegatus were based on the measures of 
the extractable parent PCP. The 
extractable chemical fraction is in 
accordance with the proposed sublethal 
toxic residue for PCP and was assumed to 
be responsible for the manifestation of 
toxicity. 
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S 
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4-N
P 
4-N
P 
4-N
P 
4-N
P 
ioxynil 
ioxynil 
ioxynil 
bentazone 
bentazone 
bentazone 
bentazone 
C
om
poud 
1.804* 
1.633* 
1.976* 
0.011 
0.006 
2.228* 
9.383* 
0.004 
0.006 
0.142 
0.008 
0.005 
3.137 
28.19 
0.259 
0.329 
LC
50
1.636-1.972* 
1.278-1.988* 
1.788-2.163* 
0.01-0.014 
0.005-0.006 
1.723-2.732* 
8.623-10.14* 
0.003-0.005 
0.006-0.007 
0.100-162 
0.007-0.01 
0.005-0.005 
1.029-4.310 
20.22-39.66 
0.226-0.295 
0.304-0.349 
95%
 C
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- - 
0.287 
0.816 
14.26 
- - 
3.742 
11.56 
0.058 
0.249 
0.267 
2.876 
4.189 
3.676 
2.849 
LBR
50
- - 
0.160-3.087 
0.68-1.124 
6.877-20.5 
- - 
3.102-4.442 
9.89-15.28 
0.040-0.441 
0.17-3.418 
- 
2.375-4167 
3.622-5.498 
2.653-6.991 
2.351-3.551 
95%
 C
L
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sedim
ent (3.2) 
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) 
LC
50  = Lethal sedim
ent (m
m
ol/kg dry w
eight) or w
ater concentration (m
m
ol/L) for 50%
 m
ortality. 
LB
R
50  = Lethal body residue (m
m
ol/kg w
et w
eight) for 50%
 m
ortality. 
95%
 C
L = 95%
 confidence lim
its of estim
ate. 
  O
C
%
 = O
rganic carbon content of sedim
ent. 
*Estim
ated by fitting to sigm
oidal dose-response regression curve using constraints 0 for bottom
 plateau and 100 for top 
plateau. 
10 
10 
10 
2 2 
10 
10 
2 2 
10 
2 2 
10 
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2 2 
E
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Table 5. Lethal exposure concentrations (LC
50 ) and lethal body residues (LB
R
50 ) for 50%
 m
ortality in C
. riparius and L. 
variegatus for bentazone, ioxynil, 4-N
P and C
12-LA
S. 
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The S. salar embryo body residue is 
assumed to concern parent 
pentachlorophenol due to the short 
exposure duration in the toxicity 
experiment and the early life stage of the 
organism. Based on these assumptions, 
the results for PCP are in accordance with 
the hypotheses of the CBR approach in 
that the CBR50-values were close to 
identical, despite the differences in 
species (S. salar/L. variegatus), exposure 
time (2/28 days), exposure media 
(water/sediment) or the endpoint 
measured (growth/reproduction/heat 
production). 
 The CBR50 estimate in L. 
variegatus exposed to water-borne 
pyrene is in agreement with the values 
proposed for non-polar narcotic 
compounds (McCarty and Mackay 1993, 
Connell et al. 1999). However, there is 
great variability in the estimates proposed 
for narcotic compounds, and whether or 
not the CBR50 estimates based on parent 
pyrene or pyrene equivalent are 
concerned, both fit into the scale 
proposed for non-polar narcotic 
compounds. Nevertheless, the current 
estimates remain below the 
concentrations proposed for lethal 
concentration in this mode-of-toxic-
action category.  
The toxicity test results for ioxynil, 4-
NP and LAS show that the exposure 
conditions influenced the LBR and CBR 
values, i.e. the species reacted with 
different body residues to exposure to 
these chemicals (I, III, Table 5., Table 
6.). Thus the toxicity estimates for these 
chemicals were not in accordance with 
the hypotheses of the CBR approach.   
 
4.2.1. CBR and exposure time 
 
In pyrene-exposed L. variegatus CBR 
values decreased, except at the last time 
point (15 days), when a higher CBR 
value was recorded. On the last day of the 
experiment, the organisms in the highest 
exposure concentration did, however, 
show the strongest narcotic sublethal 
effect (decreased pulse rate). In general, 
the study showed that susceptibility to 
pyrene increased over time. Similar 
results have been published for 
fluoranthene-exposed Hyalella azteca, 
Chironomus tentans and Diporeia spp., 
(Schuler et al. 2004), and for 
pentachlorobenzene-exposed H. azteca 
(Landrum et al. 2004), in which lethal 
residues (LR50) decreased over time. 
Although the opposite results have also 
been obtained (Landrum et al. 2003), it is 
probably simply accepted that the toxicity 
may change over time (Lee et al. 2002, 
Lee and Landrum 2006).         
It has been suggested that the decrease 
in the dorsal blood vessel pulse rate is a 
response to an increase of pyrene in the 
lipid membranes. Lipid membrane has 
been proposed as a site of toxic action for 
narcotic substances (van Wezel and 
Opperhuizen 1995). The decrease in CBR 
values in pyrene-exposed L. variegatus 
may indicate that a steady state of pyrene 
was not reached at the site of toxic action, 
i.e. in the lipid membranes, even though 
an apparent steady state was reached 
when total body residue was measured. 
Thus it seems that pyrene concentration 
in the L. variegatus lipid membranes was 
probably increasing during the test, this 
being which was measured as lowering 
pulse rate over time (V). The chemicals 
that have a log Kow above 3.3, such as 
pyrene, have been shown to partition 
preferentially into triglyceride (non-
membrane) lipids (Sandermann Jr. 2003). 
This may indicate that bioaccumulated 
pyrene may diffuse slowly from storage 
lipids to target lipids, increasing the 
chemical load at the site of toxic action.     
It has been suggested that the temporal 
variability in lethal body residues for 
PAH   exposed   aquatic   invertebrates  is  
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controlled not only by toxicokinetic 
processes but also in association with 
toxicodynamic processes (Lee et al 
2002a, Lee et al. 2002b, Schuler et al. 
2004). In other words, toxicity is 
dependent on the chemical concentration 
at the site of toxic action, which in turn is 
dependent on exposure concentration and 
time (Rozman and Doull 2000). Death 
therefore occurs when the chemical 
reaches critical concentration at the site 
of toxic action, whether or not the steady 
state whole body concentration is reached 
in the dose-response experiment. Thus it 
takes a longer time period before death 
occurs in the chronic (lower exposure 
concentration) test compared to the acute 
test (higher exposure concentration). 
Moreover, elimination of the chemical 
from the organism takes place especially 
in the chronic tests, which may further 
prolong the manifestation of the lethal 
effect.  
This phenomenon is probably seen in 
the pyrene-exposed L. variegatus (IV). 
The blood vessel pulse rate decreased 
over time even though an apparent steady 
state of pyrene in the organism had been 
reached. Thus, the manifestation of the 
toxic effects was determined by the 
balance between the exposure 
concentration, the chemical concentration 
at the site of toxic action and time.  
The CBR approach assumes that the 
effective body residue is constant and 
independent of exposure time. It has been 
proposed, however, that temporal 
variability in toxic body residues is 
accounted for in the CBR approach in 
that the body residues for acute and 
chronic toxicity are different (Lee et al. 
2002b). The acute to chronic ratio has 
been estimated at about 10-12 for lethal 
endpoint (Kenaga 1982, McCarty 1986, 
Rand et al. 1995).  
There was no clear difference between 
acute and chronic LBRs in bentazone-
exposed C. riparius, which may indicate 
that the mode of toxic action remained 
the same over time and that bentazone 
was not biotransformed (Table 5.). For 
ioxynil- and C12-LAS-exposed C. 
riparius, the acute to chronic toxicity 
ratio was 4.3 and 2.8, respectively (Table 
5.), which may in turn indicate that the 
chemical mode of toxic action changes, 
or the chemical is biotransformed and 
consequently toxico-kinetic and toxico-
dynamic processes affect toxicity and 
LBRs. The low body residue of PCP 
increased the heat production in S. salar 
embryos, but at higher body residues heat 
production decreased (II, Figure 2B). 
This clearly indicates that a certain 
threshold concentration was crossed, and 
the expression of toxicity changed. In this 
case the CBR value is meaningful as a 
means of evaluating the sensitive toxic 
effect, as it probably already has 
deleterious effects on organism survival.   
    
4.2.2. CBR in different species 
 
The LBR  and CBR50 50 values were 
consistent in different species for 
bentazone and PCP (Tables 4. and 5., I, 
IV). For ioxynil, the LBRs were 
consistent in the acute test (I). According 
to LBR50 estimates, C. riparius was more 
sensitive to both of the surfactants, 4-NP 
and C12-LAS, than L. variegatus (III). 
The results in this case both agree and 
disagree with the hypotheses of the CBR 
approach that the body residues should be 
constant in different species. It has been 
stated, however, that differing 
composition and function among species 
may cause variability in the CBRs even 
though the chemical concentration at its 
site of toxic action was constant (Rand et 
al. 1995). 
In the other researches, L. variegatus and 
C. riparius exposed acutely to PCP had 
different LBR50 values, C. riparius being 
more      sensitive      to      toxic      stress  
(Kukkonen 2002).  Similarly,   C. tentans 
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appeared more sensitive according to 
lethal body residues compared to two 
amphipod species, H. azteca and 
Diporeia spp. when exposed to 
fluoranthene (Schuler et al 2004). The 
amphipod species did, however, have 
equal lethal body residues. It was 
concluded that a specific mode of toxic 
action through toxic metabolites was 
involved in the manifestation of toxicity, 
which accounts for the differences in 
LBRs between the chironomids and the 
amphipods.  
This may explain the differences in 
LBR and CBR between L. variegatus and 
C. riparius for 4-NP and C12-LAS. The 
chironomids are assumed to have a more 
developed biotransformation system for 
metabolizing xenobiotics than the 
oligochaetes (Verrengia-Guerrero 2002, 
Schuler et al. 2003), which in turn may 
indicate that C. riparius produced toxic 
metabolites and was therefore more 
susceptible to the model compounds. The 
better biotransformation capability 
usually appears, however, as faster 
elimination and lower toxicity (Timbrell 
2000).  
 It has been argued that the whole body 
residue is already a sufficiently good 
descriptor of exposure to narcotic 
compounds (Landrum et al. 1992), being 
more valuable when normalized to lipid 
concentration of the organism (Escher 
and Hermens 2004). Thus, another 
possible explanation may be offered by 
the target lipid model, which proposes 
that variations in toxicity are due to 
differing species sensitivities and 
chemical differences (Di Toro et al. 
2000). The target lipid model is based on 
the idea that a target lipid is the site of 
action in the organism, and that mortality 
occurs when the chemical concentration 
in the target lipid reaches a threshold 
concentration. The threshold 
concentration is assumed to be species-
specific rather than a constant that is 
applicable to all organisms. For example, 
rainbow trout (Oncorhynchus myciss) 
was shown to be more susceptible to 
dihalogenated benzenes (narcotics) 
compared to guppy (Poecilia reticulata) 
and fathead minnow (Pimephales 
promelas) as regards lethal body residues 
(LBB50) (van Wezel et al. 1995a). The 
inter-species differences were associated 
with differences in the composition of the 
storage lipids and membrane lipids.  
It has been suggested that the total 
lipid content of an organism alters critical 
or lethal body residue (Kane Driscoll and 
Landrum 1997). On the other hand, 
different LBRs were measured for two 
benthic copepods, Schizopera knabeni 
and Coullana sp., exposed to 
fluoranthene, and the differences could 
not be explained by differences in 
organism lipid contents (Lotufo 1998).  
The total lipid content explained 50% of 
the variation in LBRs in fathead minnows 
exposed to the narcotic substances, di- 
and trichlorobenzenes, tetrachloroethane 
and polychlorinated biphenyls (PCB) 
(van Wezel et al. 1995b).  
The lipid partitioning of the narcotic 
compounds has been shown to be 
temperature-dependent (van Wezel and 
Opperhuizen 1995), which consequently 
makes it more difficult to compare the 
experimental data. In the current 
research, the experimental temperature 
was the same (+ 20ºC) in all the 
experiments, and therefore the 
partitioning of the chemical was not 
affected by temperature. The total lipid 
concentration was assumed to be 
approximately the same in L. variegatus 
and C. riparius (0.6-1.53% of fresh 
weight) (III). Egg lipid content of 13% is 
measured for Atlantic salmon (Salmo 
salar) (Hamor and Garside 1977), which 
is closely related to Lake salmon. Lake 
salmon probably has similar egg lipid 
content. The embryo lipid content is 
assumed much lower since in the egg the 
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lipids are mostly found from the yolksac 
(Kamler 1992). Consequently, due to 
similar CBRs in the sublethal toxicity to 
PCP, the lipid contents of L. variegatus 
and S. salar embryo were expected to be 
in the same range. 
 
4.2.3. CBR and environmental and 
chemical characteristics 
 
The exposure route, whether sediment or 
water, was not assumed to affect critical 
body residues of PCP when L. variegatus 
and S. salar were compared, the CBRs 
being similar even though the exposure 
media were different. This is supported 
by previous studies, which have shown 
that lethal body residues were consistent 
when L. variegatus were exposed to PCP 
in the water-only medium and in two 
different sediments (Nikkilä et al. 2003). 
Further, the different exposure 
concentrations were found not to affect 
LBRs in the earthworm Eisenia fetida 
when exposed to PCP (Fitzgerald et al. 
1997). In addition, LBR50 values for PCP 
in mussel Dreissena polymorpha were 
consistent, even though exposure 
temperature and pH varied (Fisher et al. 
1999).  
The differences between the acute and 
the chronic tests in C. riparius as regards 
lethal body residues of ioxynil indicate 
that the exposure media had an effect on 
the LBRs. Ioxynil is a weak acid and 
therefore pH affects its bioavailability 
and toxicity. As bioavailability is 
explicitly related to the measure of LBRs, 
the intra-cellular pH may have affected 
the differing LBRs in C. riparius. The 
intra-cellular pH has been shown to 
decline in zebra mussels Dreissena 
polymorpha exposed to the molluscicide 
Bayluscicide compared to unexposed 
organisms (O’Donnell et al. 1996). It has 
been proposed that the decline of intra-
cellular pH alters PCP toxicity and CBRs 
in zebra mussels (Fisher et al. 1999).  It is 
possible that the 10-day exposure period 
to ioxynil caused more damage in C. 
riparius and caused the decline in intra-
cellular pH compared to the 2-day 
exposure period. Consequently, more 
ioxynil was in the hydrophobic form in 
the chronic test, causing the increased 
toxic potential of the bioaccumulated 
chemical. This assumption should not be 
considered without qualification, since 
the intra-cellular pH of C. riparius was 
not measured. 
 
4.3. Biotransformation 
 
4.3.1. Pyrene and PCP 
 
The results are in accordance with 
suggestions that the oligochaetes are able 
to biotransform pyrene (Leppänen and 
Kukkonen 2000) and PCP (IV, Knuutinen 
et al. 1990, Livingstone 1998). The 
pyrene and PCP-exposed L. variegatus 
tissue extracts were analyzed by HPLC in 
this study, giving as results the fractions 
of parent chemicals and metabolites. The 
amount of the unextractable fraction was 
substantial, especially in the case of PCP. 
For the pyrene-exposed L. variegatus, 
1-hydroxypyrene (1-HP), which was 
assumed to be a phase-I metabolite, was 
found in the tissue extracts. Similar 
results were reported for the L. variegatus 
exposed to pyrene-spiked sediment 
(Lyytikäinen et al. manuscript). This 
finding was assumed as proof that a 
phase-I like oxidizing enzyme system is 
present and responsible for metabolizing 
the pyrene in L. variegatus. The 
oligochaetes contain cytochrome p-450 
(CYP-450) enzyme, which metabolizes 
endo- and exogenous compounds in the 
organism (Di Giulio et al. 1995, 
Livingstone 1998, Lee 1998). It is then 
suggested that the P-450 enzymes are 
responsible for the biotransformation of 
pyrene. 
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There are other findings that support 
this proposition; Eisenia andrei 
(oligochaeta), have also been shown to be 
able to metabolize pyrene to 1-HP 
(Stroomberg et al. 2004). 1-
hydroxypyrene glucuronide (1-HPG) was 
not present, which is consistent with the 
results of the current study showing that 
1-HPG was not present in the pyrene-
exposed L. variegatus tissue extracts. The 
marine polychaete Nereis virens has been 
shown to have a high capability for 
metabolizing pyrene to 1-HP, 
glucuronidation in the phase II being the 
most prominent pathway for 
biotransformation (Giessing et al. 2003, 
Jørgensen et al. 2005). Springtail 
Orchetella cincta also metabolized 
pyrene to 1-HP and further to glucoside 
conjugates (Howsam and Straalen 2003). 
 The E. andrei biotransformation 
products consisted of three conjugates of 
1-HP (Stroomberg et al. 2004). Thus the 
unknown peaks detected in pyrene-
exposed L. variegatus tissue in this study 
may have consisted of 1-HP conjugates 
similar to E. andrei. On the other hand, 
the developed HPLC method was 
employed in a recent analysis of pyrene-
exposed Salmo salar m. sebago fries. In 
this study, a similar peak was identified 
in a sulphate conjugate of pyrene 
(Honkanen et al. manuscript). Thus, the 
unknown peaks may have included the 
sulphate conjugate of pyrene in the L. 
variegatus tissue extracts.  
The results for PCP-exposed L. 
variegatus showed that most of the 
extractable compounds were hydrophilic 
biotransformation products, but a fraction 
of more lipophilic biotransformation 
products were also found. PCP contains 
the –OH group and therefore bypasses 
phase-I reactions and goes straight to 
phase-II reactions. Pentachloroanisole 
and 2,3,4,6-tetrachloroanisole were 
proposed as the lipophilic 
biotransformation products, and it was 
suggested that a series of different 
hydrophilic biotransformation products 
(pentachlorophenylsulfate, pentachloro-
beta-D-glucoside and tetrachloro-p-
hydroquinone) found in other organisms 
exposed to PCP accounted for the water-
soluble metabolite products. It has been 
also shown that reactive oxygen species 
are generated in the PCP metabolism 
(Dahlbaus et al. 1996, Po-Hsiung et al. 
2002). These intermediates have been 
shown to be carcinogenic. 
 Even though contradictory results 
have also been published on the 
biotransformation capability of pyrene 
and PCP in L. variegatus (Verrengia-
Guerrero 2002), it appears to be certain 
that at least a moderate biotransformation 
capability exists.  
 
4.3.2. Tissue-bound residue 
 
The chemical fractions that were not 
extractable were high; 77-86% for PCP 
(IV) and 7-56% (average 29.4% SD 11.8, 
n=70) for pyrene. The radiolabel that 
remained bound in the tissue may either 
be the parent chemical or the metabolite. 
Thus the biotransformation studies raise 
questions, including the identity of the 
compounds that remained bound in the 
tissue and the role of this fraction in 
toxicity. 
In another study where L. variegatus 
was exposed to pyrene, the unextractable 
radiolabel was assumed to be a product of 
biotransformation. In this study, parent 
pyrene was observed to depurate rapidly 
from the tissues (Leppänen and 
Kukkonen 2000). In invertebrates in 
general PAH metabolites have been 
found to be eliminated more slowly than 
the parent chemical (James 1989).  
Solvent extraction should remove all 
lipids, and thus it is suggested that the 
unextractable chemical fraction is 
covalently bound to proteins or other 
macromolecules rather than to lipid 
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material (Belden et al. 2005). A 
significant proportion of 
benz(a)anthracene (33-51%) was found to 
be unextractable from polychaeta Nereis 
virens tissues, and it was suggested that 
the bioaccumulated chemical was 
incorporated into the macromolecular 
pool in the organism (Belden et al 2005).  
It is proposed that some oxidized 
products of PAHs from phase-I, such as 
diols and phenols, may be further 
oxidized to diol-epoxides and phenol-
oxides (Meador et al. 1995, Livingstone 
1998). Some of these transformation 
products are carcinogenic and bind 
covalently with DNA, RNA and proteins. 
It may be thus possible that the tissue-
bound fraction in pyrene-exposed L. 
variegatus is composed of those 
metabolite products of pyrene that are 
bound covalently to macromolecules and 
not to lipids.   
PCP has actually been shown to bind 
proteins forcefully (Gülden et al., 2002). 
This information, together with the 
finding that the considerable proportion 
of PCP was in the unextractable fraction, 
indicates that parent PCP may have been 
bound covalently to the protein fraction 
in L. variegatus.   
After all, it still remains unclear 
whether the unextractable chemical 
fraction was the parent chemical or some 
product of biotransformation, and it 
remains unsolved whether the bound 
chemical contributes to the measured 
toxic effects. The chemical extraction 
methods should therefore be developed in 
order to allow characterization of the 
poorly extractable chemical fractions. 
Knowledge of the full composition of the 
chemical fractions could reveal the 
fraction causing the toxic effects.    
 
4.3.3. The other model compounds 
 
The chemical residues for bentazone, 
pendimethalin, ioxynil, 4-NP and C12-
LAS were based on total radiolabel 
concentration in the organism tissues (I, 
III). The radiolabelled model compounds 
are used collectively in the bioavailability 
and toxicity studies in ecotoxicological 
research. For the compounds that are not 
easily metabolized by aquatic 
invertebrates, as suggested for C12-LAS 
(Hwang et al. 2003), the evaluation of the 
body residue response relationship is 
straightforward using the method based 
on the radiolabel. For the compounds that 
are metabolized, analysis of the 
radiolabel by liquid scintillation counting 
introduces uncertainties into the results, 
as the amount of metabolites is not 
known.  
 Studies that quantify chemical body 
residues reporting only the parent 
compound may underestimate total 
bioaccumulation of the parent compound 
and metabolites (Kane Driscoll and 
McElroy 1996). On the other hand, LSC 
analysis may overestimate the body 
residue by assuming that all of the 
chemical is parent. Biotransformation is 
found to be probable extensively in the 
animal kingdom, even in the most 
primitive test animals (Snyder 2000), 
should therefore be considered. 
Knowledge of biotransformation, i.e. 
concentration of the parent chemical(s) 
and the metabolite product(s) in the 
tissues of the organism, enhances the 
accuracy of estimating body residue 
concentrations. On the other hand, it 
raises the complication of deciding which 
pool of the chemical fraction contributes 
to the toxic effects (Lee and Landrum 
2006).     
 
4.4. Mode of toxic action 
 
4.4.1. Bentazone, 4-NP, C12-LAS and 
pyrene 
 
According to the CBR approach, the 
LBR50 and CBR50 values for bentazone 
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indicate that it acts as a narcotic chemical 
(McCarty and Mackay 1993). Similarly, 
the LBR50 estimates for 4-NP indicate 
that it acts acutely through narcosis, 
which has also been proposed earlier as 
its mode of toxic action  (Matozzo et al. 
2004). 4-NP is also an endocrine 
disruptor having long-term adverse 
effects (White et al. 1994), but probably 
at lower concentrations.  
 The high toxicity values for C12-LAS 
show that it also has a narcotic mode of 
toxic action, which has also been 
suggested previously (Hwang et al. 
2003). The variability between the 
organisms in acute LBR50 may, however, 
signify that the organisms’ characteristics 
(structure and function) have an effect on 
C12-LAS toxicity (Rand et al. 1995). 
It has been shown that differences 
exist among species as regards their 
sensitivity to chemicals (Vaal et al. 
1997). Moreover, for those compounds 
that exert their toxicity through a specific 
receptor, it is suggested that different 
species respond at different body residues 
of a particular toxicant, depending on the 
specific characteristics of the receptor 
and the toxicant. Thus, 4-NP and C12-
LAS may have different modes of toxic 
action or they may act through different 
specific receptors. The chemical 
characteristics of 12C-LAS may lead to 
binding of the chemical on the organism 
surface. The surface-bound chemical 
fraction has therefore been considered as 
bioaccumulated, even though it may not 
have significant toxic effects.   
CBR50 for pyrene in L. variegatus fall 
into the category proposed for non-polar 
narcotic compounds (McCarty and 
Mackay 1993). Besides acting through 
non-polar narcosis, pyrene has been 
shown to act also through activation of 
the aryl hydrocarbon receptor, inducing 
P-450 enzymes expression in vertebrates 
(Hahn 1998, Incardona et al. 2006). 
Figure 5. The chemical log Kow
plotted against estimated toxicity
values. The solid and dotted lines
show the linear regression with
95% confidence intervals
(•bentazone, ∆ioxynil, ■4-NP,
♦C12-LAS, ○PCP and ▲pyrene).
The regression is drawn for narcotic
chemicals (black dots). 
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The results show that log Kow values 
for narcotic chemicals correlate 
negatively, although not statistically 
significantly, with LC50 estimates (Figure 
5.). It is suggested that, after being taken 
up by the organism, the more lipophilic 
chemicals are more effectively distributed 
to the site of toxic action in the organisms 
compared to water-soluble chemicals, 
which may remain in the water phase in 
the tissues. The narcotic chemicals’ log 
Kow values do not correlate significantly 
with the LBR50 or CBR50 estimates as 
expected (Figure 5.). 
 The baseline toxicants have reported 
to result the lowest toxicity and highest 
effective body residues (McCarty and 
Mackay 1993, Connell et al. 1999). 
Further, the baseline toxicity or narcosis 
has commonly been divided into different 
subcategories based on the chemical 
structure and degree of toxicity of the 
xenobiotic, namely into polar and non-
polar narcosis (Russom et al. 1997). 
Recent research proposes, however, that 
there is no difference in lipid membrane 
concentrations of the polar or non-polar 
narcotics, and thus equal intrinsic toxic 
potency is encountered for these two 
subcategories (Escher and 
Schwarzenbach 2002).  
 
4.4.2. Ioxynil and PCP 
 
Ioxynil and PCP have a specific mode of 
toxic action, in that they act as uncouplers 
of oxidative phosphorylation. The acute 
LBR50 estimates and CBR50 estimate for 
ioxynil are in accordance with the 
proposed values for respiratory 
uncouplers. C. riparius that had been 
exposed to sediment-spiked ioxynil for 
10 days, had an LBR50 estimate that 
agrees with the chronic values proposed 
for respiratory uncouplers (0.00015-0.094 
mmol/kg ww). Thus, it is suggested that 
the 10-day exposure period may have 
been long enough for ioxynil to elicit 
chronic toxic effects by uncoupling 
oxidative phosphorylation.  
The slight difference between 
sublethal response (CBR50 0.046 
mmol/kg ww) and lethal response (LBR50 
0.058 mmol/kg ww) in the case of ioxynil 
may be linked with the suggestion that 
only a slight increase in toxic stress 
caused by a respiratory uncoupler may 
have significant effects (Willows 1994). 
In the case of ioxynil toxicity to C. 
riparius, sublethal effects are 
encountered with a slight increase in 
body residue. 
 The CBR50 estimates for PCP in L. 
variegatus and S. salar are in accordance 
with the estimates for respiratory 
uncouplers in chronic exposures. It is 
supposed, however, that the body residue 
based on extractable PCP in L. variegatus 
accounts for the toxic effects. Further, it 
was presumed that due to the short 
exposure period, no significant 
biotransformation of PCP occurred in S. 
salar embryo, although the fish embryo 
has some biotransformation capability at 
the early stage (Goksøyr and Husøy 
1998). Therefore the majority of the 
radiolabels measured in the fish embryo 
tissues were presumed to be parent PCP. 
It is suggested that the specificity of the 
toxic mode may have had the effect that 
the CBRs were equal despite the 
differences in the organisms, exposure 
media, time and the toxicity endpoint 
measured. 
In the environment, organisms are 
mostly exposed chronically to low 
concentrations of xenobiotics. The modes 
of toxic action should therefore be 
studied more carefully using low 
exposure concentrations and long 
exposure periods, and by investigating 
the sensitive sublethal endpoints of 
toxicity.  
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5. Applications of critical body 
residues and future prospects 
 
The important goal of the 
ecotoxicological research is to yield 
information on the fate and effects of 
chemicals in the environment for the 
needs of chemical risk evaluation and 
assessment.  A feasible way to use the 
CBR data in practice is to improve the 
ecological risk assessment (ERA) of 
contaminated sites by comparison of 
laboratory established CBRs with the 
tissue residue measures from the field. 
This study showed that the critical body 
residues of ecologically relevant sublethal 
toxicity endpoints could be generated, 
which therefore enables the direct 
comparison of laboratory and field data. 
ERA based on sublethal CBRs would 
enhance the quality of risk estimates and 
lower the uncertainty of the assessment, 
attenuating the importance of the safety 
factors.  
As the CBR approach has not yet been 
fully tested and validated for most of the 
chemicals, do not exclude the usefulness 
of the CBRs in the ERA process. The 
determinations of the CBRs for more 
chemicals belonging to different mode-
of-action groups are needed, with 
subsequent evaluation of the CBR 
approach. More work is also needed to 
establish the sensitive toxicity endpoints 
fundamentally important to a 
population’s survival. In this respect, the 
genotoxic approaches are promising 
(Snell et al. 2003).  
 
6. Concluding remarks 
 
Due to pollution of the environment, 
there is a need for prediction of the 
hazard that pollutants may pose to 
organisms. Environmental risk 
assessment is commonly based on the 
data of toxicity tests conducted with 
standard species and taking only a few 
environmental characteristics into 
account. However, predicting the toxicity 
of a chemical is difficult because of the 
differing characteristics of the 
environments, the chemical and the 
organisms. This comprises a very 
complex puzzle to solve.  
This study focused on utilization of 
chemical body residue as the dose-metric 
for adverse effects, as a means to enhance 
chemical risk assessment. This study first 
approved observations for the model 
compounds used in this study showing 
that the evaluation of toxicity based on 
knowledge of the chemical 
concentrations in the exposure media is 
misleading, because the characteristics of 
the ambient medium affect chemical 
bioavailability. The results indicated that 
the body residue of the model compounds 
is a more precise metric for exposure than 
the concentration of the ambient medium 
when chemical toxicity is evaluated, as it 
reduces the variability in toxicity caused 
by environmental factors.  
The main findings of this thesis were 
that body residue estimates for bentazone, 
and PCP were consistent, even though the 
estimates relating to the exposure media 
varied and the bioavailability of the 
chemical was variable among the 
different sediments. For ioxynil, 4-NP 
and C12-LAS, factors relating to the 
characteristics of the exposure media, the 
chemical or the organisms confounded 
the results in such a way that the body 
residues also varied. Some of the results 
are then in accordance with the 
hypotheses of the CBR approach. The 
factors that may have affected body 
residues were related to the exposure 
conditions and/or species characteristics.  
The biotransformation studies showed 
that L. variegatus has a moderate 
capability to biotransform PCP and 
pyrene. The measure of the parent 
chemical and the metabolites enabled a 
more accurate body residue estimate for 
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these chemicals. However, it was stated 
that the biotransformation of the chemical 
by the organism complicates the 
evaluation of toxicity due to possible 
toxic effects of the metabolites. 
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Erratum 
 
Article I, page 402 and Table 4.: units for ks should be kg sediment dry weight/kg 
organism wet weight/hour. 
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